1. Most research on dynamics and impacts of plant invasions has evaluated patterns and effects over brief time periods (i.e. <4 years). As such, little is known about the persistence of invasions and their long-term impacts on native species. 2. To experimentally evaluate longer-term effects of invasions, we established field plots with native tree and herbaceous species and then invaded half of the plots with the most widespread invasive grass in the eastern United States (Microstegium vimineum). Over 8 years, we quantified invader and native plant biomass, native plant diversity, and tree density and size. 3. Microstegium was dominant during the first 4 years of the experiment, constituting more than 60% of herbaceous plant biomass in the plots, and native herbaceous biomass was 57% lower and diversity was 44% lower in invaded vs. control plots. However, both Microstegium and herbaceous native species declined in later years. By the end of the experiment, Microstegium was only 2% of community biomass, and there was no difference in native herbaceous biomass in invaded and control plots. 4. We applied a fire treatment in years 6 and 7 to test if repeated disturbance is required to maintain invader dominance and to evaluate how this common management practice in eastern US forests affected invasive and native plants. Tree density was 65% lower and tree diameters were 28-51% smaller on average in fire-treated compared with control quadrants, resulting in significantly greater light availability in fire-treated areas. Consequently, Microstegium and native herbaceous species biomass increased significantly where fire was applied. However, only native species were persistent, and after 8 years, Microstegium was nearly absent, regardless of the fire treatment. 5. Synthesis. The invasive grass was initially abundant and suppressed native species, but invader decline over time corresponded with succession to native herbaceous species dominance when fire was applied, and to native tree dominance without fire such that after 8 years, the initial effects of invasion were no longer apparent. Thus, our data provide some of the first experimental evidence that while the initial effects of plant invasions can be dramatic, invaders and their impacts may decline over time.
Introduction
Plant invasions can have significant impacts on the composition, structure and diversity of native communities and can alter ecosystem functions such as carbon and nutrient cycling and disturbance regimes (Vila et al. 2011; Py sek et al. 2012; Simberloff et al. 2013) . Hundreds of studies have documented the effects of plant invaders on native systems, but most studies have been conducted over brief time periods, limiting our understanding of long-term effects of invasions. A recent review of over 400 plant invasion impact studies found that more than half of all studies lasted less than 1 year and less than 8% of studies were conducted over 4 or more years (Stricker, Hagan & Flory 2015) . Moreover, oftentimes, invader impact studies lack an experimental component (Stricker, Hagan & Flory 2015) , thereby limiting our ability to determine if the invader caused the observed differences or if such differences were driven by underlying conditions (Didham et al. 2005; MacDougall & Turkington 2005; Bauer 2012 ).
Invasion of non-native plants and their dynamics over time may depend on various mechanisms, including escape from natural enemies, evolution of the invader or native species, patterns in disturbance regimes, or some combination of factors (e.g. Levine et al. 2003; Blumenthal 2005) . Initial invader dominance may be driven by disturbances such as natural or anthropogenic fire, forest clearing or flooding (Hobbs & Huenneke 1992; Kulmatiski, Beard & Stark 2006; Eschtruth & Battles 2009 ) that increase resource availability (Davis, Grime & Thompson 2000 ; but see Funk & Vitousek 2007) , and persistence of invaders may depend on maintenance of such disturbance regimes (Hobbs & Huenneke 1992; MacDougall & Turkington 2007) . If invasion success is determined primarily by resource availability following disturbance, and post-invasion disturbances are reduced or halted, successional changes might restore native species dominance in the community. However, succession patterns are likely context dependent and contingent on the intensity, duration and spatial extent of disturbance and invasion (Connell & Slatyer 1977; McLane et al. 2012) . Propagules need to be present in the seed bank or dispersed from the surrounding area, and edaphic and climatic factors need to be appropriate for succession to occur. Invaders can inhibit natural patterns of succession by competing with colonizing or resident species (Gould & Gorchov 2000; Gorchov & Trisel 2003; Stinson et al. 2006; Flory & Clay 2010b) , exacerbating disturbance regimes (e.g. fire, D'Antonio & Vitousek 1992; , accumulating pathogens or other enemies that spill back to native species (Kelly et al. 2009; , or creating conditions that facilitate invasion by other non-native species (Kuebbing, Nuñez & Simberloff 2013; Flory & Bauer 2014) .
Disturbances that promote habitat heterogeneity, increase resource availability and return communities to earlier successional stages are critical for maintaining community structure, species diversity and functions in many ecosystems (Denslow 1980; Huston & Smith 1987) . Fire in grasslands, savannas and forests often prevents dominance by fire-intolerant native species; reduces accumulation of litter; and promotes open habitat conditions critical for some wildlife species (Collins 1992; Turner et al. 1997; Uys, Bond & Everson 2004) . For example, prescribed fire is a management practice used in various habitats in Eastern Deciduous Forests in the United States to modify plant communities and direct successional patterns. Fire is applied to old fields and successional forests in early spring or late fall to help promote recruitment of oak (Quercus) and hickory (Carya) species, in part by increasing light availability, while reducing the density of fire-intolerant beech (Fagus) and maple (Acer) species (Arthur et al. 2012) . However, plant invasions may alter the effects of fire on communities and ecosystems, resulting in different patterns of plant species diversity and composition and tree regeneration (Brooks et al. 2004) . For example, invasion by Microstegium vimineum in eastern US forests was associated with greater fire intensity (e.g. higher fire temperatures and longer duration), resulting in 54% less tree seedling survival than in invaded areas not exposed to fire, and fire helped maintain Microstegium dominance . Similarly, fires promoted the understorey invasive grass Melinis minutiflora in the submontane zone of Hawaii, and invader fuelled fires significantly altered the composition and cover of native species compared with understorey fires in areas dominated by other species (D'Antonio, Tunison & Loh 2000) . To better understand the longer-term effects of plant invasions, and how disturbances such as fire affect invader persistence, resource availability and patterns of succession, additional experimental studies over multiple years are needed (Flory & D'Antonio 2015) .
To evaluate the impacts of plant invasion over time in the presence and absence of fire, we established field plots of native herbaceous species and trees and then experimentally invaded half of all plots with M. vimineum (Trin. A. Camus, common name: stiltgrass, hereafter Microstegium), one of the most widespread and problematic invasive plant species in the eastern United States (Flory & Clay 2010b; Simao, Flory & Rudgers 2010; Bauer & Flory 2011; Warren, Wright & Bradford 2011) . After 5 years, once native vegetation was well established, we applied fire to one quadrant of each plot to determine how this common management practice affected resource availability and invader and native plant species over time. We quantified Microstegium and native herbaceous species biomass, native species diversity, tree density and size, and light availability, a critical resource in Eastern Deciduous Forests (Fortin & Mauffette 2001; Kobe 2006; Flory, Rudgers & Clay 2007; Flory 2010) . Our overarching goal was to determine how the impacts of Microstegium invasions change over time and if invader persistence and impacts were related to changes in resource availability.
Materials and methods

S T U D Y S Y S T E M
Microstegium is native to eastern Asia and was first documented in the United States in Tennessee in 1919 (Fairbrothers & Gray 1972) . It was not recognized as invasive for more than 40 years (Winter, Schmitt & Edwards 1982; Barden 1987) , but over the last two decades, it has spread rapidly with large, dense infestations in at least 28 US states (Stricker et al. 2016) . Invasions occur in a variety of habitats including old fields, successional forests, and along roads and streams but also in interior forest and riparian areas (Barden 1987; Cole & Weltzin 2004; Flory 2010 ). There can be dramatic effects of Microstegium invasions on native plant (Adams & Engelhardt 2009; Flory & Clay 2010a) and arthropod diversity (Simao, Flory and Rudgers 2010) , forest succession (Flory & Clay 2010b) and soil processes (Kourtev, Ehrenfeld & Haggblom 2002; DeMeester & Richter 2010) . The species is unusual in that it is a C4 annual that is successful in high-light environments but can tolerate extremely low-light levels in closed-canopy forests (Flory, Rudgers and Clay 2007; Schramm & Ehrenfeld 2010; Wilson et al. 2015) and forms a dense litter layer (Marshall & Buckley 2008) . Microstegium can have direct effects during the growing season via competition and indirect effects through dense litter accumulation, which can hinder native seedling recruitment (Flory & Clay 2010b) , and cause more intense fires and exacerbate fire effects on native species .
S T U D Y S I T E
We conducted this experiment at the Bayles Road site of the Indiana University Research and Teaching Preserve near Bloomington, IN, USA (39°13 0 9″N, 86°32 0 29″W). The area was historically bottomland hardwood forest, but much of the site has been used for agriculture and ecological research for more than 60 years. The experiment was established in a 60 m 9 60 m old field surrounded by mature trees (e.g. Acer negundo, Cercis canadensis, Liriodendron tulipifera and Platanus occidentalis). Prior to this experiment, the field was dominated by planted grasses and old field herbaceous species and was mowed regularly during the growing season to inhibit woody plant encroachment. Microstegium was not present at the site.
To evaluate the dynamics and impacts of Microstegium over time, we established a factorial common garden field experiment. Plots were planted with nine species of native trees, added as tree seedlings or as seed, to test the effects of invasion at different tree life-history stages, and plots were seeded with Microstegium or not in a 2 9 2 design. The site was prepared by first tilling the area every 2 weeks during summer 2005 to reduce the resident seed bank. Then, in the fall, 32 5Á25 m 9 5Á25 m plots were established with 2Á5-m spacing. Plots were surrounded by silt fence (fabric erosion barrier)~91 cm tall and buried~15 cm deep to prevent seed movement among plots. Planted tree species included Carya laciniosa, Fraxinus pennsylvanica, Juglans nigra, Liquidambar styraciflua, L. tulipifera, P. occidentalis, Quercus alba, Quercus macrocarpa and Quercus palustris. Four 1-year-old seedlings of each tree species (36 total trees) were randomly planted in the seedling plots (bare root seedlings, Vallonia State Tree Nursery, Vallonia, IN, USA). Tree seeds were planted on a grid or broadcast, and seed addition rates were adjusted by species according to seed size. All plots were seeded with 12 native herbaceous species (total native seed density = 551 seeds per m 2 ). Numerous other native tree and herbaceous species recruited from the seed bank or colonized from the surrounding area (see Flory & Clay 2010a , b for additional details).
In late fall 2005, after all trees and herbaceous species were added, half of the plots planted with tree seedlings and half of the plots planted with tree seed were randomly selected for invasion with Microstegium. Seed was added at a rate of~690 seeds per m 2 , corresponding to observed seedling densities in locally invaded sites, and resulting in nearly 100% coverage in years when it was dominant. No additional Microstegium was added to the experiment following the initial seeding. Here, we focus our analysis on the 16 plots initially planted with tree seed (with half invaded by Microstegium, half uninvaded controls). Of these 16 plots, one invaded and one uninvaded plot were eventually dropped from the analysis due to seasonal flooding, leaving seven plots each of the invaded and uninvaded reference treatments (14 plots total). To evaluate the effects of fire on Microstegium, native herbaceous and tree species, and resource availability, in spring 2011 we divided each of the 14 plots into four equally sized quadrants (~2Á5 m 9 2Á5 m). One quadrant of each plot received a fire treatment and the quadrant diagonal from the fire-treated quadrant was left as an unburned control. Fire treatments were applied in early or midApril 2011 and 2012. To prevent movement of fire outside of the quadrant, each burn quadrant was temporarily surrounded by a 60-cm tall barrier constructed of corrugated steel and angle iron and water was sprayed on fuels outside of the barrier to prevent movement of fire under the barrier. Then, fires were ignited along all four sides of the quadrant inside the barrier with a drip torch. Prescribed fires burned 90 AE 4Á4% (mean AE SE) and 61 AE 8Á8% of treated quadrants in 2011 and 2012, respectively. There was no difference in area burned based on invasion treatment in either year (2011: t (12) = 0Á23, P = 0Á82; 2012: t (12) = 0Á22, P = 0Á83).
To quantify the effects of invasion and fire on the abundance and diversity of native herbaceous species, and the effects of fire on the invader over time, we conducted destructive harvests in late August or early September over 8 years (2006) (2007) (2008) (2009) (2010) (2011) (2012) (2013) . Demographic data sometimes can provide insights into population dynamics and responses to treatments (Emery et al. 2013 ), but here, we focus on biomass responses for the invader because seed production is highly correlated with above-ground biomass for Microstegium (Fig. S1 , Supporting Information). Herbaceous vegetation was harvested at ground level from 30 cm 9 30 cm quadrats in two to eight random locations in each plot each year. Harvest locations were randomly arranged throughout the 5Á25 m 9 5Á25 m plots from 2006 to 2010 but were restricted to the prescribed fire and untreated reference quadrants in 2011-2013. Quadrat locations in consecutive years did not overlap. Harvested plants were sorted by species in 2006, 2008 and 2013 and to functional groups (graminoids and forbs) in other years, dried at 60°C to constant mass and weighed.
To more fully quantify long-term responses to the treatments, in 2013, two observers estimated percent cover of all herbaceous species rooting in each quadrant, and these estimates were validated using templates representing 1 and 2% cover. All plants were identified to species when possible or at the genus level for Carex, Rubus, Solidago and Viola. For species with less than 20% cover, estimates were made to the nearest percent, and for species greater than 20%, estimates were made to the nearest 5%.
Previous research demonstrated that Microstegium invasion reduced the recruitment of trees that were planted in the plots as well as colonization of tree species from the surrounding area (Flory & Clay 2010b) . To determine if the effects of invasion on tree density and performance persisted, and to evaluate the effects of fire and fire-invasion interactions on tree density and size, we counted the number of trees in the fire-treated and fire-untreated quadrants in the invaded and uninvaded reference plots at the end of the experiment in September 2013. The diameter of all trees greater than 1 m tall was measured at 10-cm above-ground level with digital callipers and identified by species.
Persistence of plant invasions may depend on resource availability, including light, which can subsequently affect herbaceous plant species and tree recruitment, survival and growth (Miller & Gorchov 2004; Hartman & McCarthy 2007) . Therefore, we measured light availability above the vegetation canopy, at 0Á5 m above the soil surface and at ground level under any existing litter at four locations in each plot or quadrant (AccuPAR Linear PAR/LAI ceptometer; Decagon Devices, Inc., Pullman, WA, USA) in late August or early September of 2006, 2008 and 2013.
S T A T I S T I C A L A N A L Y S I S
First, the biomass of Microstegium and native forbs and graminoids in the invaded and uninvaded reference plots was evaluated across all 8 years of the study using general linear models (Proc MIXED; SAS via SAS Enterprise Guide v. 6.1; SAS Institute Inc., Cary, NC, USA) with invasion treatment, year and invasion 9 year as fixed effects.
Then, separate general linear mixed models were used to assess Microstegium and native forb and graminoid biomass in response to the invasion and fire treatments for years 2011, 2012 and 2013. Models included invasion, fire, year and their interactions as fixed effects and plot as a random effect to account for fire and control quadrants within individual plots. Microstegium biomass data were log transformed to improve normality. Biomass values were converted to grams per square metre and raw data means and standard errors are displayed for ease of comparison across functional groups, treatments and years.
Native plant diversity was calculated as the Shannon diversity index based on the proportional biomass of each species in each quadrat (Magurran 1988) . Comparing Shannon diversity values among treatments may result in inaccurate magnitudes of differences (Hill 1973; Jost 2006) , so Shannon values were converted to effective number of species (e H 0 ) or how many species would be present if all were equally common (MacArthur 1965; Jost 2006) . Quadrat diversity values were averaged within plots to avoid pseudoreplication and because the number of quadrats harvested varied among years. A general linear model with invasion, year and invasion 9 year as fixed effects was used to evaluate plant diversity across 2006, 2007 and 2013 . Then, a separate general linear mixed model with plot as a random effect was used to evaluate diversity in response to the invasion and fire treatments in 2013. Finally, differences in community composition between fire and invasion treatments were tested using PER-MANOVA (R Studio Version 0.98.1091; RStudio Team, 2017) with species percent cover as response variables, and results were visualized with non-metric multidimensional scaling (NMDS) (Oksanen et al. 2013) .
The density (number of trees per m 2 ) and average size (diameter at 10 cm) of the three most abundant tree species in 2013 [A. negundo (box elder), J. nigra (black walnut) and L. styraciflua (sweetgum)] were analysed using mixed models with invasion, fire, species and their interactions as fixed effects and plot as a random effect. The inclusion of 'species' as a fixed effect accounts for the multiple species within quadrants and plots and avoids pseudoreplication. For each light measurement location, the percent of ambient light at 0Á5 m and at ground level was calculated by dividing the light value at those locations by the value from above the vegetation canopy and multiplying by 100. Light availability at ground level and 0Á5 m was analysed using the same model structure as for diversity with one model for 2006, 2008 and 2013 and a separate model for 2013 with the fire treatment included. For all analyses, data from quadrats within plots were averaged so that plot was the level of replication. Data were log transformed prior to analysis to improve normality when appropriate.
Results
During the first 4 years of the experiment, Microstegium was dominant in the experimentally invaded plots (invasion F 1,138 = 748Á50, P < 0Á0001; Fig. 1a) , constituting on average more than 60% of herbaceous plant biomass. We estimated that Microstegium seed production during these 4 years was 60 000-90 000 seeds per m 2 based on our previous findings of the significant relationship between plant mass and seed production under nearly full sun conditions (Fig. S1 ). During the 2010 season, Microstegium biomass began to decline (year F 7,138 = 33Á94, P < 0Á0001), and by 2012, there was only 1% as much Microstegium biomass as in 2009 (~5 g m À2 ; invasion 9 year F 7,138 = 40Á66, P < 0Á0001). By 2013, Microstegium was less than 2% of plant community biomass, and there was no difference in Microstegium biomass between the invaded and uninvaded treatments. Very little Microstegium escaped the invaded plots and colonized the uninvaded referenced plots over the course of the experiment (mean AE SE over 8 years: 3Á6 AE 2Á3 g m
À2
; Fig. 1a) . Fire temporarily promoted Microstegium biomass (F 1,60 = 4Á13, P = 0Á047) such that invaded-fire-treated quadrats had over 350 and 130% more invader biomass in 2011 and 2012, respectively, compared with the invaded-no fire treatment. Microstegium biomass in invaded-fire treatments in 2011 was comparable to the initially high abundance of Microstegium at the beginning of the experiment. Regardless of the increased biomass after fire was applied, the invader was effectively absent after 8 years (fire 9 invasion 9 year F 2,60 = 3Á51, P = 0Á036).
The most common herbaceous species in the plots included Elymus virginicus, Carex sp., Solidago sp., Andropogon gerardii and Panicum virgatum. Native forb biomass was, on average, 57% lower in Microstegium-invaded than control plots over the first 4 years of the experiment (invasion F 1,125 = 4Á13, P = 0Á04), but the effects of the invasion on native forb biomass declined in later years (Fig. 1b) . The lack of difference between control and invaded plots in 2011-2013 was primarily due to lower biomass in control plots, not recovery of biomass in plots where the invader was added. Application of prescribed fire resulted in >200% greater forb biomass in fire-treated than control plots on average over 2011-2013 (fire F 1,59 = 37Á91, P < 0Á0001, fire 9 year F 2,59 = 0Á8, P = 0Á46), regardless of the invasion (invasion F 1,12 = 0Á02, P = 0Á88). Native graminoid biomass was 57% lower in invaded than control plots on average 2006-2009 and 92% lower in 2011 (invasion F 1,125 = 21Á87, P < 0Á0001), but there was no difference in graminoid biomass between control and invaded plots in 2012 and 2013 (Fig. 1c , invasion 9 year F 1,125 = 1Á95, P = 0Á08). The fire treatment significantly affected graminoid biomass (fire F 1,59 = 5Á62, P = 0Á02), with over twice as much biomass on average in uninvaded burned than unburned plots in 2012 and 2013, but no difference in graminoid biomass in invaded plots, regardless of fire (year 9 invasion 9 fire F 2,59 = 4Á43, P = 0Á02). In 2013, percent cover data showed that plant community composition diverged between fire treatments (P = 0Á03, Fig. S2 ), but not between invasion treatments (P = 0Á71, Table S1 ).
Over 8 years, M. vimineum invasion significantly suppressed native plant species diversity (invasion F 1,49 = 13Á1, P = 0Á0007), but the effect varied among years (invasion 9 year F 2,49 = 6Á21, P = 0Á004). Invasion resulted in 44% lower native species diversity in 2007, but there was no effect of invasion on diversity in 2006 or 2013 (Fig. 2) . Fire had a strong positive effect on native species diversity in 2013 (fire F 1,11 = 7Á66, P = 0Á02), with 22% greater native plant diversity in quadrants exposed to fire. Neither the invasion (F 1,11 = 0Á23, P = 0Á64) nor the invasion 9 fire interaction (F 1,11 = 0Á28, P = 0Á61) affected native diversity in 2013.
The three most common tree species in the plots were A. negundo (box elder), J. nigra (black walnut) and L. styraciflua (sweetgum), which constituted 62, 16 and 6%, respectively, of all trees. Of these species, J. nigra and L. styraciflua were planted in the experiment (Flory & Clay 2010b) , while A. negundo colonized from the surrounding forest. Other tree species found in the plots included Q. alba, F. pennsylvanica and C. laciniosa, which were planted in the experiment, and Prunus serotina, Lindera benzoin and Quercus rubra, which colonized naturally. Other Quercus, Fraxinus and Carya spp. also were found. The density of trees in the plots in 2013 was significantly reduced by fire (F 1,60 = 11Á65, P = 0Á001) and varied by species (F 2,60 = 24Á60, P < 0Á0001). There was a fire 9 species interaction (F 1,60 = 5Á97, P = 0Á004) where A. negundo density was reduced by 65% due to fire, but there was little effect on J. nigra or L. styraciflua (Fig. 3a) . The fire treatment reduced average tree diameter for A. negundo, J. nigra and L. styraciflua by 41, 28 and 51%, respectively (Fig. 3b) . There was no statistically significant variation in diameter among species, effect of invasion or interactions (all P ≫ 0Á05).
Light availability in the plots was significantly affected by the invasion and fire treatments and varied among years. Light availability at 0Á5 m was 34% lower in invaded plots in 2006 but 94% greater in invaded plots in 2008 (Fig. 4a , invasion 9 year F 2,50 = 3Á46, P = 0Á039). In 2013, fire resulted in 220% more light at 0Á5 m (fire F 1,12 = 17Á15, P = 0Á0014), regardless of the invasion treatment (invasion F 1,12 = 0Á2, P = 0Á67). At ground level, light was 69 and 47% lower in invaded than control plots in 2006 and 2008, respectively, but there was no effect of invasion on ground level light in 2013 (Fig. 4b , invasion 9 year F 2,50 = 8Á71, P = 0Á0006). There was no effect of invasion or fire 9 invasion on ground level light in 2013 (all P ≫ 0Á05).
Discussion
Our results show that the biomass and impacts of an invasive grass declined over time, despite repeated disturbance by fire that increased resource availability and temporarily promoted invader abundance. Previous research has shown that Microstegium can have significant effects on plant and arthropod communities and ecosystem processes (e.g. Our long-term experiment showed that the invader declined and communities succeeded to native herbaceous species dominance when fire was applied and to tree dominance in the absence of fire, demonstrating that the effects of invaders can be temporary and native species may return over time.
The invader was highly abundant early in the experiment but effectively disappeared after 8 years. Correspondingly, invasion resulted in much lower native herbaceous species at the beginning, but not the end of the experiment. However, similarity in abundance and diversity of native herbaceous species in invaded and control plots at the end of the experiment were due to loss of native species in control plots, not their return in initially invader-dominated plots. Native species in control plots likely declined as trees recruited and grew larger, and light availability was reduced (Halpern & Spies 1995; Howard & Lee 2003; Barber et al. 2016) . Application of fire reduced tree density and size, thereby increasing light availability and temporarily promoting Microstegium and herbaceous plant species, particularly forbs. In a wide range of ecosystems, from pine forest of the southeastern United States (Glitzenstein, Platt & Streng 1995) to African savanna (Staver et al. 2009 ), fires are known to reduce tree encroachment or alter tree species composition, shift resource availability, including light, and influence the abundance and composition of herbaceous species (Keeley & Brennan 2012; Bowles & Jones 2013) . In our experiment, two alternative successional trajectories were apparent: in the absence of fire, we found higher tree density, larger trees and low light, whereas we found lower tree density, smaller trees, greater light and dominance of native herbaceous plants with fire. Greater light availability under the fire treatment initially promoted Microstegium, but under both scenarios, the invader was effectively absent by the end of the experiment.
Despite the eventual decline of Microstegium, it is unusual for annual species in early successional habitats to maintain dominance for more than 2 years (Billings 1938; Betz, Becker & Lootens 1996) , although annual invasive grasses in the western United States may persist for decades (Mordecai et al. 2015) . Microstegium exhibits high growth rates and investment in reproduction (Fig. S1) , likely contributing to colonization of disturbed habitats. However, the annual lifehistory strategy typically involves trade-offs where ruderal species are poor competitors for limited resources (Tilman & Wedin 1991a, b) and vulnerable to antagonists (Kardol, Martijn Bezemer & van der Putten 2006; Bauer, Mack & Bever 2015) . In addition, although initial Microstegium seed viability can be >80%, it can decline to <10% after 4 years (Huebner 2011) . The initial dominance of Microstegium may have occurred because, unlike native ruderals (Kardol, Martijn Bezemer & van der Putten 2006; Bauer, Mack & Bever 2015) , Microstegium is not known to experience negative plant-soil feedbacks (Shannon, Flory & Reynolds 2012) , and may even benefit from changes to soil nitrogen cycling (Lee, Flory & Phillips 2012) . In addition, accumulation of Microstegium litter may have temporarily inhibited replacement by later-successional species (Flory & Clay 2010b) . Each of these mechanisms may have contributed to the early persistence and negative impacts of Microstegium on native species before more competitive perennial herbaceous species or native trees eventually replaced Microstegium.
Patterns of succession following disturbance and invasion are likely dependent on a broad range of factors such as site conditions, native and invader traits, and continued disturbance. Although it is frequently noted that disturbance can promote establishment and dominance of invasive species (e.g. Hierro et al. 2006; Britton-Simmons & Abbott 2008) , little is known about whether these species require repeated disturbance to maintain dominance, in part due to the lack of long-term studies. At the initiation of our study, the site was tilled to control the established vegetation and Microstegium was planted at high density, which likely enhanced the establishment and initial dominance of Microstegium. If Microstegium was added after native species were better established, the invader may have had less of an impact, but it is noteworthy that the initially high biomass of Microstegium reported here is well within the range of natural invasions (i.e. 250-375 g m
À2
; Flory, Kleczewski & Clay 2011; Johnson et al. 2015) . Later, fire increased light availability, a known limiting resource for Microstegium (Flory 2010; Wilson et al. 2015) , which temporarily promoted Microstegium biomass in fire-treated quadrants. However, over time, succession of competitive perennial species may have reduced resource availability, thereby creating conditions less favourable for Microstegium, which must recolonize from seed every year. For example, in unburned plots, trees may have been superior competitors for light, and in 2013, trees reduced light levels below levels in invaded plots in earlier years. Other factors may have caused or contributed to the decline of the invader, such as extreme drought in the region during July and August 2012 (US Drought Monitor: http://droughtmonitor. unl.edu, Webster et al. 2008; Droste, Flory & Clay 2010; Brzostek et al. 2014) . However, the decline of Microstegium began during 2010, well before the drought, and Microstegium is known to persist despite drought (Gibson, Spyreas & Benedict 2002) . Foliar fungal pathogens recently have been documented on Microstegium, with potentially significant population-level effects (Stricker et al. 2016 ), but little disease was observed at the site. We posit that the lack of disturbance during early years, intensifying competition for resources (e.g. light) over time and exceptional drought in 2012 may all have contributed to the decline of Microstegium. Furthermore, repeated disturbance that displaces competing vegetation may be necessary for the persistence of Microstegium in early successional habitats.
Microstegium invades a wide variety of habitats from more open habitats such as old fields, bottomland floodplains, roadsides and streambanks, to lower light habitats such as midsuccessional and mature forests (Flory 2010; Stricker et al. 2016) . Here, we studied the dynamics and impacts of Microstegium populations in an open bottomland habitat, and results may have varied in different habitats. For example, Microstegium frequently invades forest understories that have much lower light availability than our experimental site. Under such conditions, there are fewer native species that can compete with Microstegium, especially given its tolerance for low-light conditions (Wilson et al. 2015) , and in some understorey habitats, populations of Microstegium can persist for decades (Stricker et al. 2016) . Thus, although the context of our experiment was a realistic scenario for natural Microstegium invasions in open habitats, additional longitudinal studies across diverse habitats are needed to determine where and under what conditions Microstegium populations and their effects will persist or decline over time.
In many ecosystems, fire is a key determinant of community structure (Turner et al. 1997) , particularly when fire interacts with invasive plants (Brooks et al. 2004) . Invaders can enhance fire intensity and its effects on native species, sometimes leading to positive fire-invader feedbacks (D'Antonio & Vitousek 1992; Pauchard et al. 2008; Balch et al. 2013) . Here, we found significant effects of fire on native species and resource availability but only a temporary effect of fire on invader populations. When we first added the fire treatment (spring 2011), Microstegium biomass already was in decline. If fire had been applied earlier in the experiment, when the invader was more dominant, fire may have differentially affected fire intensity (e.g. fire temperatures or flame height), native seed survival, tree survival and growth, or invader populations . In addition, the fires were conducted in one quadrant of the plots, which were already limited in size, and fire behaviour and effects may vary based on the spatial scale of fires. Finally, the site of the experiment was formerly bottomland hardwood forest and maintains relatively mesic conditions. Fire is used to manage such habitats in eastern forest, but at other sites where Microstegium is known to invade including more arid open woodlands, fires may exhibit different behaviour and differentially affect invader and native populations.
Our study provides some of the first experimental evidence for how invader population dynamics and effects on native species change over time. Importantly, we would have reached different conclusions had we only collected data for one or a few years, as is typical for most prior studies. For example, there were significant effects of invasion on native plant diversity in 2007 but not earlier or later in the experiment. Moreover, because our results are derived from a controlled field experiment where the invader was intentionally added to native communities, we can be sure that the observed effects of the invader were due to the invasion and not pre-existing edaphic factors or disturbance regimes. Given the ever-expanding list of problematic invaders and the limited resources of land managers, determining where and for how long invasions will persist is critical to develop efficient land management strategies. If managers can target invaders that are known to inhibit succession and persist over long time periods, while allowing other invaders that do not inhibit succession to naturally decline, then resources can be more effectively allocated. Moreover, if a species is reliant on disturbance for persistence, then reducing disturbance and establishing later-successional, more competitive native species could be an effective strategy for restoring invaded areas. Alternatively, invaders that maintain dominance even without disturbance will need to be controlled to achieve restoration success. More broadly, our results show dramatic differences in the effects of invasions over time, suggesting short-term studies on invasion impacts may provide erroneous conclusions. Clearly, additional work on long-term patterns and impacts of invasions across diverse systems and species is needed (Strayer et al. 2006; Flory & D'Antonio 2015) . Nevertheless, our findings provide striking evidence that the effects of plant invasions may be temporary and that invaders can decline and native species can return over time.
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